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ABSTRACT
Wetlands play a critical role in supporting freshwater biodiversity and ecosystem services, but
human activities have resulted in large-scale loss and degradation of these habitats across the
globe. To offset the decline of wetland area, mitigation wetlands are now frequently constructed,
but their ability to replace the functions of natural habitats, including providing habitat for native
fauna, remains uncertain. A recent highway reconstruction project in northwestern Wyoming
caused impacts to and the destruction of multiple natural wetlands. To mitigate this loss, new
wetlands were constructed along the highway corridor. To evaluate the performance of these
created wetlands relative to reference (not affected by road construction activities) and impacted
wetlands (impacted but not destroyed by road construction), I measured habitat variables,
sampled aquatic invertebrates, and conducted repeated counts of amphibian larvae and Columbia
spotted frog egg masses. My findings indicate that taxonomic richness of macroinvertebrates was
lower in created wetlands than impacted or reference wetlands, with similar richness in impacted
and reference wetlands. Age of constructed wetlands was positively correlated with taxonomic
richness of invertebrates, but no relationship existed between richness and wetland isolation. The
most important environmental variable related to macroinvertebrate richness was percent cover
of aquatic vegetation, with the number of taxa positively correlated with vegetation cover.
Community composition of invertebrates in created wetlands differed from that in reference and
impacted sites, with created wetlands lacking some passive dispersers. Amphibians exhibited
species-specific responses to wetland creation, with tiger salamander, boreal toad, and boreal
chorus frog larvae occurring at higher densities in created wetlands than reference and impacted
wetlands. Columbia spotted frogs exhibited the opposite response, occurring at higher densities
in reference and impacted wetlands than created wetlands. Early drying of created wetlands
resulted in catastrophic reproductive failure on several occasions, potentially resulting in an
ecological trap or population sink for amphibians. Impacted wetlands were similar to reference
wetlands in habitat characteristics, invertebrate, and amphibian communities, highlighting the
resiliency of natural wetlands to minor disturbance. Managers with the goal of benefitting native
wildlife species should take into account the life history requirements (e.g. minimum
hydroperiod) of all target species when creating and restoring wetlands.

ii

ACKNOWLEDGEMENTS
Funding and support for this project was provided by the Wyoming Department of
Transportation, the U.S. Geological Survey, the University of Montana, the W.A. Franke College
of Forestry and Conservation, and OnXmaps. The U.S. Forest Service generously provided
housing and support during the field season. I am grateful to my advisors, Dr. Blake Hossack and
Dr. Winsor Lowe, for providing me with the opportunity to pursue this project and for their
valuable advice, encouragement, and patience throughout, along with my third committee
member, Dr. Lisa Eby. Dr. Erin Muths hired me for my first field job back in 2009 which
ultimately opened the door to many opportunities including this Master’s project.
I was lucky to work with incredible field technicians each summer. Thanks to Cayley FaurotDaniels, Ally Scott (Moser), and Rory Molecek for putting in long days (and nights) to collect
this data. Thanks also for the great company and friendship! Robert Newell with Montana
Ecoservices identified the invertebrates for Chapter 1, which was no small task.
Thank you to the faculty, staff, and my fellow graduate students in the Wildlife Biology
Program. Dr Josh Nowak and Dr. Paul Lukacs provided valuable statistical advice. Thanks to
Jeanne Franz and Robin Hamilton for helping to keep logistics running smoothly. I feel fortunate
to be part of such a great cohort of researchers and peers and I learned a tremendous amount
from conversations with my fellow graduate students. Special thanks to the rest of the Lowe Lab
past and present: Brett Addis, Miriam Bayer, Kara Cromwell, Ken Honeycutt, Leah Joyce, Ryan
Kovach, and Taylor Wilcox. Nicole Hupp, Jessie Golding, Theresa Laverty, Sarah Lynch, and
Wesley Sarmento all provided critical feedback and advice on portions of this project.
Finally, thanks to my family for instilling in me a fascination for the natural world and sense of
adventure, as well as for endless encouragement and support over the years. Also thanks to my
friends who made sure I took breaks to go outside and play throughout the last couple of years.
Michal Lucid and Lacy Robinson provided me with the ideal cabin in the woods (not to mention
flexibility with my job) to finish writing my thesis, for which I am grateful.

iii

TABLE OF CONTENTS
Abstract……………………………………………………………………...……………….……ii
Acknowledgments……………………………..…………………………………………………iii
Chapter 1: Response of aquatic macroinvertebrate communities to wetland mitigation in the
greater Yellowstone ecosystem………………………………………………………………..…..1
Chapter 2: Amphibian abundance in created wetlands – species specific responses……………32

iv

CHAPTER 1: RESPONSE OF AQUATIC MACROINVERTEBRATE COMMUNITIES
TO WETLAND MITIGATION IN THE GREATER YELLOWSTONE ECOSYSTEM

ABSTRACT
Wetlands play a critical role in supporting freshwater biodiversity and ecosystem services, but
human activities have resulted in large-scale loss and degradation of these habitats across the
globe. To offset the decline of wetland area, mitigation wetlands are now frequently constructed,
but their ability to replace the functions of natural habitats remains uncertain. For instance,
wetlands provide important habitat for aquatic organisms, including macroinvertebrates.
However, post-construction monitoring of mitigation wetlands often focuses exclusively on
aquatic vegetation and physical characteristics, assuming that aquatic species will be present if
suitable habitat restoration is achieved. To mitigate impacts to natural wetlands caused by recent
road reconstruction project in the southern Greater Yellowstone Ecosystem, the Wyoming
Department of Transportation created new wetlands along the highway corridor. From 2013 to
2015, I sampled aquatic invertebrates in 10 created wetlands and 7 wetlands that were impacted
but not destroyed by road construction activities. I compared these to 13 reference wetlands. I
used the program SPECRICH to estimate invertebrate taxonomic richness and non-metric
multidimensional scaling to examine differences in community composition. I also used linear
mixed effects and generalized linear models to test for the effect of wetland design features
(wetland age, isolation, depth, vegetation, size, and pH) on invertebrate richness. My findings
indicate that taxonomic richness of macroinvertebrates was lower in created wetlands than
impacted or reference wetlands, with similar richness in impacted and reference wetlands. Age
of constructed wetlands (range = 0 – 10 years) was positively correlated with taxonomic
richness, but no relationship existed between richness and wetland isolation. The most important
environmental variable related to taxonomic richness was percent cover of aquatic vegetation,
with the number of taxa positively correlated with vegetation cover. Community composition of
invertebrates in created wetlands differed from that in reference and impacted sites, with created
wetlands lacking some passive dispersers. Overall, constructed wetlands harbored a diminished
and altered subset of the invertebrates found in both reference and impacted wetlands, casting
doubt on their ability to replace the structure and function of natural wetlands within the short
time period required by mitigation permits.

Keywords: biodiversity; macroinvertebrates; wetland mitigation; Greater Yellowstone
Ecosystem, species richness, community composition
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INTRODUCTION
Freshwater wetlands perform numerous essential abiotic and biotic functions, including
water purification, flood protection, carbon storage, and providing habitat for diverse flora and
fauna (Contanza et al. 1997). Human activities such as urban development, agriculture, and road
construction have caused a large-scale reduction in wetland area worldwide (Zedler and Kercher
2005). Of the estimated 89 million acres of wetlands present in the contiguous United States in
the 1780s, over half have been drained, dredged, or filled (Johnston 1994). Conservation
education and legislation have slowed this trend in recent years (Dahl 2011), and mitigation of
wetland loss due to large scale projects such as road construction and industrial development is
now required under Section 404 of the Clean Water Act (Hough and Robertson 2008). Today,
the Section 404 permitting process is largely guided by the 1989 executive policy of “no net
loss”: loss of wetlands area and function must be mitigated by an equal or greater number of
acres of gain, achieved either through wetland restoration or construction (Turner et al. 2001). In
North America alone, over 3,000,000 ha of wetlands have been created or restored in the past 20
years (Copeland 2010). Nevertheless, the capacity of mitigation wetlands to replace natural
wetland functions remains uncertain.
Both wetland restoration and creation are used to fulfill Section 404 permitting
requirements (Grenfell et al. 2007). Wetland restoration refers to restoring natural wetland
structure and function to an area with previous wetland history that has been degraded. Wetland
creation refers to the construction of an entirely new wetland in a formerly upland area. Because
created wetlands do not have a history of inundation, successional processes are essentially
starting from a blank slate. Wetland restoration is generally more successful at replicating the
biotic communities and ecosystem services of nearby reference wetlands (Sebastián-González
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and Green 2016, Spadafora et al. 2016), but permit conditions often require onsite mitigation
through wetland construction.
Evaluating the success of wetland construction projects is challenging. It is logistically
and fiscally impossible to monitor all of the factors that contribute to wetland function, and most
mitigation wetlands are not monitored at all (GAO 2005). When monitoring does occur, it is
typically short term (2 – 5 years), and focuses on the establishment of vegetation and hydric
soils, which may be poor surrogates for wetland function (Cole and Shafer 2002). Because
invertebrates represent the most diverse taxonomic group within most wetlands and play a
critical role in nutrient cycling, they may be good surrogates for comparing function of created
and reference wetlands (Balcombe et al. 2005, Ruhí and Batzer 2014).
Many factors may influence colonization of new habitats by wetland invertebrates. First,
invertebrate species vary in their ability to disperse to newly created wetlands (Bilton et al.
2001). Active dispersers, such as species with flying adult stages, will likely arrive first, followed
by passive dispersers that rely on external vectors like wind or other animals to disperse (Coccia
et al. 2016). Distance from a source population and wetland size should influence the likelihood
of colonization and persistence of both active and passive dispersers at new wetlands
(MacArthur and Wilson 1967). Second, physical habitat characteristics such as depth, vegetation,
and water chemistry influence which species can persist. Third, biotic interactions, including
predation and competition, might further structure invertebrate communities in newly created
wetlands, with predators like fish, amphibians, and invertebrates exerting strong top-down
influences (Hanson and Riggs 1993). Invertebrates can quickly colonize newly constructed
wetlands and even reach similar levels of richness as nearby reference wetlands in a relatively
short period of time (3 – 20 years) (Balcombe et al. 2005, Coccia et al. 2016), but community
3

composition often remains distinct, even many years after wetlands are constructed (MorenoMateos et al. 2012). This is particularly true in cold climates where invertebrate activity is
limited to a short ice-free period each year (Moreno-Mateos et al. 2012, Ruhí et al. 2012).
To mitigate wetland impacts associated with the recent reconstruction of Highway 287
over Togwotee Pass between Moran and Dubois Wyoming, the Wyoming Department of
Transportation (WYDOT) constructed new wetlands along the highway corridor. This area falls
within the Greater Yellowstone Ecosystem, one of the largest nearly intact temperate ecosystems
in the world. Wetlands in the GYE comprise only 3% of the total land area, but provide habitat
for a disproportionate number of plant, bird, mammal, amphibian, reptile, and invertebrate
species (Nicholoff 2003). Despite their importance, wetlands have been understudied in the GYE
and throughout the Intermountain West (Copeland et al. 2010).
My objective was to evaluate function of created (n = 10) and impacted (n = 7) wetlands
relative to reference (n = 13) wetlands, using macroinvertebrate taxonomic richness and
community composition as a proxy. Created wetlands were excavated with heavy equipment
down to the water table and planted with a wetland seed mix and willow cuttings. Impacted
wetlands are those that sustained impacts from the road construction activities (i.e., modified
banks, some filling, erosion control, etc.) but were not completely destroyed. Reference wetlands
are those that did not sustain impacts from road construction and thus should provide a good
baseline against which to compare constructed and impacted sites.
Because of the short growing season and cold climate of the GYE, I hypothesized that
succession in created wetlands would be slower than in more moderate climates (Moreno-Mateos
et al. 2012, Ruhí et al. 2012), so I predicted that taxonomic richness would be lower in created
wetlands than in reference or impacted wetlands and that community composition would differ.
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In addition, I wanted to determine which environmental and design features were correlated with
taxonomic richness. I predicted that distance to nearest natural wetland and time since
construction would be positively correlated with taxonomic richness in created wetlands. Across
all wetland types, I predicted that percent cover of aquatic vegetation, wetland size, and depth
would be positively associated with richness, while elevation would be negatively associated
with taxonomic richness.
METHODS
Study Area
To assess differences in invertebrate taxonomic richness and community composition
among wetland types, I sampled aquatic macroinvertebrates in created, impacted, and reference
wetlands (n= 10, 7, 13, respectively) once per year from 2013 to 2015. Wetlands were located in
the Bridger-Teton National Forest along highway 287/26 between Moran, Wyoming and
Togwotee Pass, 12 km east of Grand Teton National Park, USA (Fig. 1). In 2013 and 2014, I
sampled a reduced subset of the wetlands that were sampled in 2015, but I sampled each type of
wetland each year (Table 1). In 2015, I sampled all created wetlands that held water, as well as
the closest reference and impacted wetlands. Sampled wetlands ranged in elevation from 2,100
to 3,050 m.
Vegetation surrounding wetlands is dominated by conifer forest at higher elevations
(lodgepole pine [Pinus contorta], whitebark pine [Pinus albicaulis], Engelmann spruce [Picea
engelmannii], and Douglas fir [Pseudotsuga menziesii]) and mixed sagebrush (Artemisia
tridentata) – grassland vegetation at lower elevations. This area is characterized by long, cold
winters with heavy snowfall and short, cool summers. Precipitation in Moran averages 59.66 cm
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(23.49 in) annually, falling primarily as snow between November and April. Temperatures vary
considerably throughout the year, with an average January high temperature of -3.61 C° (25.5
F°) and average July high temperature of 25.3 C° (77.6 F°). Average annual snowfall is 369.57
cm (145.5 in). Snow generally persists until late April or early May at low elevations, and as late
as July at the top of Togwotee Pass. Wetlands typically thaw and fill with snowmelt between
early May (lower elevations) and early June (higher elevations).
Sampling
To collect a representative sample of invertebrates from created, impacted, and reference
wetlands, I conducted nine 1.5 m sweeps using a D-framed net (500 um mesh) in each site
(Radar et al. 2001). I conducted two sweeps along each axis of the wetland (north-south and eastwest) at a shallow point and a mid-depth point, as well as one in the deepest part of the wetland. I
sampled all wetlands in late July when invertebrate diversity should be highest and immature
invertebrates should be developed enough for identification (Duffy 1999). Invertebrates from the
nine sweeps were pooled into a single container and preserved in 70% ethanol for later
identification to the lowest taxonomic level practical by Montana Ecoservices (2536 S Dennis St,
Kennewick, WA 99337) (Merritt and Cummins 1996, Wiggins 1996, Larsen et al. 2000).
Because wetland invertebrates in the western United States have received relatively little
research attention, keys for the larval stages of many species do not exist. Amphipoda, Mollusca,
Ephemeroptera, and Coleoptera were identified to genus level, while Diptera, Hemiptera,
Odonata, and Hirundinea were identified to family level. Collembola, Oligochaeta, and
Hydracarina were not identified to lower taxonomic levels. When some members of a group
were identified to a lower taxonomic level than others, I aggregated to the higher taxonomic
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level so resolution was consistent across all sites. For example, snails of the genus Lymnaea were
sometimes identified to species (Lymnaea elodes and Lymnaea stagnalis) but could sometimes
only be assigned to the genus due to immature or damaged specimens. For consistency among
sites, I lumped them all to genus.
Based on a literature review, I developed an a priori suite of environmental and design
characteristics that I hypothesized would influence richness and composition of wetland
invertebrate communities. I measured total wetland area and wetted wetland area using the area
estimation tool in a Garmin e-trex Global Position System (GPS). I defined total wetland area as
the high-water line or boundary of wetland creation disturbance (i.e., willow plantings in created
wetlands). Wetted wetland area was the portion of the wetland that held water in early June when
wetlands achieved their maximum size. Elevation was also recorded from a GPS unit. Distance
to nearest reference wetland was calculated using the line measurement tool in Google Earth
(version 7.1.7.2606). I measured maximum depth of each wetland at the same time as wetted
wetland area. I measured pH biweekly using a YSI Multimeter (Model 63). I sampled vegetation
within the same week that I collected invertebrate samples in late July, using a 1-m squared
quadrat every 80 meters along the wetland shore, both at 1 m and 5 m out from the shore. In each
quadrat, I estimated percent cover of aquatic vegetation. I also recorded presence of fish when
they were detected.
Data Analysis
Taxonomic richness
I estimated taxonomic richness for each wetland using the program SPECRICH (Hines 1996).
SPECRICH uses observed relative abundance of each taxonomic group to calculate estimated
7

richness and standard error, while accounting for heterogeneous detection probabilities among
taxa (Burnham and Overton 1979). One advantage to this method is that because SPECRICH
only requires counts ranging from one to five, considerable time and resources can be saved over
traditional species richness estimators, which use raw counts and assume homogeneous detection
probabilities.
Difference in richness among wetland types
I tested for differences in log-transformed taxonomic richness among wetland types using
a linear mixed effects model implemented in the R package nlme (Pinheiro et al. 2016) with
wetland type and standardized elevation as explanatory variables. I included site as a random
effect to account for repeated sampling of some wetlands over multiple years. I included
elevation in all models as a nuisance covariate since it is not strictly a design feature, but should
have strong effects on richness due to differences in growing season length and temperature
across elevation gradients (Rahbek 1995).
Effects of environmental and design features on richness
To assess the influence of habitat features on invertebrate taxonomic richness, I used only
the data from 2015 because we did not measure the full complement of environmental variables
in previous years. I fit multiple generalized linear models (GLMs), using backwards selection, to
determine which variables best explained variation in richness. Because wetted wetland area was
often considerably less than total wetland area, particularly for created wetlands, I used wetted
wetland area in these models. All pairwise correlations between explanatory variables were
below the |r| = 0.7 threshold that is typically used to identify redundant variables in regression
analyses (Dormann et al. 2013). The only two variables that approached this threshold were
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elevation and wetland area (Pearson’s r = -0.62). Because elevation was considered a nuisance
variable, I left it in all models. Maximum depth appeared to have a quadratic relationship with
taxa richness, so I added a squared term to the model. Starting with a global model that included
elevation, wetted wetland area, maximum depth, maximum depth squared, pH, and percent cover
of aquatic vegetation, I performed backwards selection, removing variables with the least partial
significance until only significant variables remained (p < 0.1).
Wetland age and distance to nearest natural wetland
For created wetlands only, I used linear mixed effects models to test for effects on species
richness of wetland age and distance to nearest natural (reference or impacted) wetland using
data from all years. Again, site was included as a random effect to account for repeated sampling
of some sites over multiple years and standardized elevation was included a nuisance covariate. I
also included a quadratic term on wetland age to test for a leveling off of richness over time.
Multivariate analysis of community composition
To compare species assemblages among wetland types, I constructed Bray-Curtis
community dissimilarly matrices based on rank orders of species abundance data from each
wetland. I used non-metric multi-dimensional scaling (NMDS) implemented in the R package
vegan (Oksanen et al. 2017) to visualize differences. Because there is no way to account for
repeated sampling of some wetlands over multiple years in NMDS, I used only the data from
2015 when the full suite of wetlands was sampled. Next, I conducted an indicator species
analysis to investigate which taxonomic groups were driving observed differences in community
composition among wetland types (Dufrêne and Legendre 1997). This method calculates
indicator values as a product of the relative frequency and relative average abundance (in this
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case, rank order) for each taxonomic group in each wetland type. Indicator values range from 0
to 1, with values of 1 indicating perfect association with a particular wetland type. Indicator
values were tested for statistical significance using a Monte-Carlo permutation test with 1000
iterations. All statistical analyses were completed in Program R version 3.3.2 (R Core Team
2016).
RESULTS
Taxonomic richness
Seventy-five invertebrate taxa from 13 orders were identified in our wetland samples
(Appendix 1). Observed richness ranged from 5 to 25 invertebrate taxa per wetland and
estimated richness ranged from 6 to 51.63 invertebrate taxa per wetland. The mixed effects
model showed that after accounting for elevation, reference (mean = 21.40, 95% CI = 17.98,
25.47) and impacted (mean = 18.46, 95% CI = 14.32, 23.80) wetlands had significantly higher
taxonomic richness than created wetlands (mean = 15.76, 95% CI = 12.99, 19.13) (Table 2,
Figure 2). I found strong evidence that invertebrate richness declined with elevation, with an
estimated 11 more taxonomic groups of invertebrates at the lowest elevation wetlands (2100 m)
than the highest elevation wetlands (3050 m).
Effects of environmental and design features on invertebrate richness
On average, created wetlands were shallower than reference or impacted wetlands and
three out of ten were dry or nearly dry by the end of July 2015 (Table 3). No reference or
impacted wetlands dried over the same time period. Created wetlands also had smaller surface
areas, lower mean percent cover of aquatic vegetation, and slightly higher pH than reference
wetlands. There were no major differences in habitat variables between reference and impacted
10

wetlands (Table 3). Fish were detected in two impacted and one reference wetland, all of which
were permanent and had a stream or river connection. Other than fish, adult amphibians,
particularly barred tiger salamanders (Ambystoma mavortium), and predatory invertebrates were
the dominate predators in these wetlands.
After accounting for elevation, the top model describing the influence of habitat features
on taxonomic richness across all wetland types in 2015 only included percent cover of aquatic
vegetation (Table 4). Invertebrate richness was positively correlated with percent cover of
aquatic vegetation.
Wetland age and distance to nearest natural wetland
Within created wetlands, after accounting for elevation, I found no evidence that
taxonomic richness increased with wetland age (Table 5). However, examination of the residual
plot showed that one wetland was an outlier, with much lower species richness than others at
similar elevations. I removed this outlier from the dataset and ran the model again. Based on the
remainder of sites, taxonomic richness increased with wetland age (Figure 3, Table 6). A
quadratic effect of wetland age was not supported. Created wetlands were constructed on average
274.4 meters away from the nearest natural wetland (SD = 156.77 meters). I did not find
evidence of a relationship between distance to nearest natural wetland and taxonomic richness
(Table 7).
Multivariate analysis of community composition
Consistent with lower richness, communities in created wetlands clustered separately
from communities in reference and impacted wetlands in the NMDS plot (Figure 4). This
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indicates that invertebrate communities in created wetlands were compositionally different from
those in reference wetlands, while those in impacted wetlands were similar to reference
wetlands. The stress value (0.21) on two axes of ordination was at the upper end of the
acceptable range (Clarke and Warwick 2001), indicating some lack of fit. Increasing the number
of dimensions to three reduced stress to 0.14, but since the interpretation was the same between
the two plots I decided to present the two-dimensional solution for easier visual interpretation.
Reference wetlands were the most similar to one another in community composition, with much
larger 95% confidence ellipses around created and impacted wetlands.
Indicator species analysis also highlighted differences in community composition among
wetland types (Table 8). Because based on the NMDS ordination, communities in reference and
impacted wetlands were so similar, I grouped these wetland types together for this analysis.
Three taxa, Notonectidae (backswimmers, order Hemiptera), Berosus, and Helophorus (order
Coleoptera) were identified as indicators of created wetlands. Berosus and Helophorus were only
found in three wetlands each, but were exclusively found in created wetlands, while
Notonectidae was found in eight wetlands (five created, one impacted, and two reference). In
contrast, five taxa were identified as indicators of reference/impacted wetlands: Pisidium (pea
clams, order Veneroida), Chaoboridae (phantom midges, order Diptera), Oligochaeta (aquatic
worms), Procloeon (mayfly, order Ephemeroptera), and Hydracarina (water mites). Of these,
Pisidium was the strongest indicator –of the 17 wetlands where it was found, only one was a
created wetland (Quarry).
DISCUSSION
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Understanding the capacity of created mitigation wetlands to support the full range of
native species is critical, especially as natural wetlands continue to be modified and destroyed. I
sampled the invertebrate community along a highway corridor in northwest Wyoming to
compare taxonomic richness and community composition among created, impacted, and
reference wetlands. Created wetlands had fewer macroinvertebrate taxa than reference wetlands,
while impacted wetlands had intermediate richness values, but were not significantly different
from reference wetlands. Community composition also differed between created and reference
wetlands, but not between reference and impacted wetlands.
I also measured and tested for the effects of habitat features including wetland size,
depth, pH and aquatic vegetation on invertebrate taxonomic richness across all wetland types.
Created wetlands were shallower, had less aquatic vegetation, and had slightly higher pH than
reference wetlands, while impacted wetlands were similar to reference wetlands in all measured
environmental variables. Increasing elevation was associated with reduced taxonomic richness
across all wetland types, likely due to shorter growing seasons and harsher conditions at higher
elevations (de Mendoza and Catalan 2010). After accounting for elevation, the model that best
explained differences in richness across wetland types included just percent cover of aquatic
vegetation as an explanatory variable.
With the exception of one outlier, I found strong evidence that invertebrate richness in
created wetlands increased with wetland age. This pattern is likely due to vegetation
establishment as wetlands develop and a time lag for some taxa to colonize new ponds (Ruhí et
al. 2013, Coccia et al. 2016). The importance of aquatic vegetation in structuring invertebrate
communities is a common result across studies of invertebrates in constructed wetlands (Stewart
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and Downing 2008, Ruhí et al. 2016). Increasing aquatic vegetation may allow more species to
persist by providing structural habitat, food resources, and predator refuge (Batzer et al. 1999).
Most studies examining invertebrate response to wetland mitigation have been conducted
in areas with warm climates (Balcombe et al. 2005, Ruhí et al. 2009, Batzer et al. 2015). In
contrast, the GYE is characterized by long winters and wetlands are only ice-free for a few
months out of the year, which might slow dispersal and establishment in newly created wetlands.
In cold climates, invertebrate communities in created wetlands may take longer to converge with
reference sites (Ruhí et al. 2012). The lack of support for a quadratic effect of wetland age
indicates that even 8 to 10 years after wetland construction, taxonomic richness had not
equilibrated. This implies that perhaps mitigation wetlands constructed in cold climates should
be monitored for longer than wetlands in warmer climates.
Consistent with lower taxonomic richness in created wetlands, NMDS ordination showed
that community composition differed between created wetlands and reference wetlands, while
impacted wetlands had similar communities to reference wetlands. Notably, the indicator taxa for
reference and impacted wetlands included 3 groups without flying adult stages (Pisidium,
Oligochaeta, and Hydracarina). While some species of Hydracarina (water mites) are known to
parasitize adult winged insects (Smith and Cook 1991), these taxa may be limited in their
potential to colonize new wetlands by their weak dispersal ability. Oligochaeta (aquatic worms)
and Pisidium (pea clams) require hydrologic connectivity or an external vector to colonize newly
constructed wetlands. Supporting this result, the only created wetland where we found Pisidium
is the second oldest in the study area (Quarry) and was constructed relatively close to nearby
natural wetlands. Quarry is also frequented by waterfowl, which often transport aquatic
invertebrates among sites (van Leeuwen et al. 2012).
14

I included impacted wetlands in this study because development does not always cause
complete destruction of a wetland, but often destroys or impairs of just a small portion of the
site. One important finding from this research was that impacted wetlands did not differ
significantly from natural wetlands in physical habitat characteristics, invertebrate richness, or
invertebrate community composition. This result suggests that natural wetlands can be quite
resilient to some disturbance and if the impact is minimal (i.e. <25% of the perimeter), wetlands
retain their functionality. This result also supports current policies that encourage developers to
avoid and minimize impacts to existing wetlands whenever possible, rather than relying on
wetland construction to mitigate destruction of natural wetlands.
Beyond climate, wetland hydroperiod is one of the most important drivers of community
composition of wetlands (Wellborn et al. 1996, Ray et al. 2016). In my study area, created
wetlands were designed to have temporary – intermediate hydroperiods and were much
shallower than nearby reference and impacted wetlands (Table 3). In 2015, eight out of ten
created wetlands dried partially (i.e. at least one isolated waterbody dried completely) and one
created wetland dried completely by late July while no reference or impacted wetlands dried in
this same time frame. Therefore, I was surprised to find little support for the effects of depth on
invertebrate richness across wetland types. In the Intermountain West, shallow wetlands are
expected to be more vulnerable to drying under future climate change, reinforcing the
importance of designing mitigation wetlands that are deep enough to be resilient to climatic
fluctuations, which can function as refuges for aquatic biota as natural wetlands continue to
disappear (Corn et al. 2003, Brooks 2009, Hossack et al. 2013, Sepulveda et al. 2015).
Interestingly, the outlier that I removed (Swan Pond) because it had much lower
taxonomic richness than other wetlands is also the oldest created wetland in my study area
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(constructed in 2005), is at low elevation, and is located less than 300 meters away from the
created wetland (Quarry) with the highest taxonomic richness across all wetlands. Constructed in
2008, Quarry is the second oldest created wetland in my study area. Differences between these
two sites are obvious: Quarry has abundant emergent and submersed aquatic vegetation and
holds water throughout the summer months. In contrast, Swan Pond has very little aquatic
vegetation and is controlled by a ditch coming directly from the creek. Consequently, Swan Pond
has extremely variable annual hydroperiods and much colder water than other sites. This
dichotomy clearly illustrates the importance of design features in addition to time since
construction in controlling the invertebrate communities that reside in created wetlands.
Overall, wetland creation has the potential to offset negative effects of wetland loss on
freshwater biodiversity, but it is still unclear whether constructed wetlands can replicate the
structure and function of lost reference wetlands. This study provides further evidence that
wetland invertebrates are capable of rapidly colonizing newly constructed wetlands, but that
diversity and community composition within constructed wetland may take many years to
converge with nearby reference wetlands, particularly in areas limited by harsh climatic
conditions and short growing seasons. Wetlands impacted by road construction retained similar
invertebrate communities to reference wetlands, suggesting that wetlands can be resilient to
some human impact.
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Table 1. Wetlands surveyed for invertebrates each year from 2013 through 2015.
Site
12DC
13AC
16BC
19AC
24CC
25AC
26BC
ML
QU
SP
12CI
15AI
17AI
17BI
19BI
25BI
26AI
16CR
17DR
17ER
21AR
21BR
21CR
25CR
HE
MW
ND
OX
RW
SD

Wetland
Type
Created
Created
Created
Created
Created
Created
Created
Created
Created
Created
Impacted
Impacted
Impacted
Impacted
Impacted
Impacted
Impacted
Reference
Reference
Reference
Reference
Reference
Reference
Reference
Reference
Reference
Reference
Reference
Reference
Reference

Year
Constructed
2012
2012
2010
2012
2012
2012
2012
2014
2008
2005
-

Years Surveyed
2015
2013, 2014, 2015
2013, 2014, 2015
2015
2015
2015
2013, 2014, 2015
2014,2015
2013, 2014, 2015
2013, 2014, 2015
2015
2013, 2014, 2015
2015
2013, 2014, 2015
2015
2013, 2014, 2015
2015
2013, 2014, 2015
2015
2013, 2014, 2015
2015
2015
2015
2013, 2014, 2015
2013, 2014, 2015
2013,2014
2013,2014
2013,2014
2013, 2014, 2015
2015
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Table 2. Coefficient estimates from linear mixed model of log invertebrate taxonomic richness
by wetland type and elevation. The intercept is the mean taxonomic richness for reference
wetlands. Site was included as a random effect to account for sampling some wetlands over
multiple years.
(Intercept)
Created
Impacted
Elevation

Coefficient
1.330
-0.133
-0.064
-0.086

Std. Error
0.039
0.058
0.071
0.027

df
30
26
26
26

t-value
34.042
-2.280
-0.912
-3.165

P>t
0.000
0.031
0.370
0.004

Table 3. Physical habitat characteristics summarized by wetland type, based on data collected in
2015.
Variable

Created (n=10)
Mean (sd)

Wetted wetland area (m2 )

2644.7 (3768.83) 5377.71 (3637.66) 3678(3773.19)

Elevation (m)
Max depth (cm)

2515.5 (342.21)
38.35 (25.62)

pH
8.46 (0.69)
Aquatic vegetation (% cover) 24.07(29.48)

Impacted (n=7)
Mean (sd)

Reference (n=10)
Mean (sd)

2678.14 (182.54)
124.08 (45.59)

2556.8 (329.63
111.7 (35.81)

7.68 (1.08)
46.43 (33.39)

7.92 (0.54)
49.39(33.06)

Table 4. Coefficient estimates and associated standard errors, t-values, and P-values (significant
< -.10) from the top model of the effect of habitat variables on log taxonomic richness.
(Intercept)
Aquatic veg
Elevation

Coefficient
1.166
0.002
-0.038

Std. Error
0.069
0.001
0.046

t-value
16.882
1.848
0.838

P>t
0.00
0.0769
0.410
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Table 5. Coefficient estimates from model of log taxonomic richness by wetland age and
distance to nearest natural wetlands, after accounting for elevation for created wetlands only,
with site as a random effect to account for repeated sampling of some sites over multiple years
(Swan Pond included)
(Intercept)
Elevation
Wetland Age

Coefficient
1.220
-0.125
-0.006

Std. Error
0.110
0.065
0.025

df
10
8
10

t-value
11.129
-1.919
-0.263

P>t
0.000
0.091
0.798

Table 6. Coefficient estimates from model of log taxonomic richness by wetland age and
distance to nearest natural wetlands, after accounting for elevation for created wetlands only,
with site as a random effect to account for repeated sampling of some sites over multiple years
(Swan Pond removed)
(Intercept)
Elevation
Wetland Age

Coefficient
1.054
-0.153
0.064

Std. Error
0.085
0.044
0.024

df
10
8
10

t-value
12.303
-3.456
2.633

P>t
0.000
0.011
0.030

Table 7. Coefficient estimates from model of log taxonomic richness by distance to nearest
natural wetland and elevation after accounting for elevation for created wetlands only, with site
as a random effect to account for repeated sampling of some sites over multiple years.
Coefficient
(Intercept)
1.292
Elevation
-0.118
Distance to nearest wetland -0.000

Std. Error
0.111
0.056
0.000

df
11
7
7

t-value
11.598
-2.098
-1.001

P>t
0.000
0.074
0.350
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Table 8. Indicator species analysis results for created and reference/ impacted wetlands. Only
taxa with a p-value ≤ 0.1 are shown. Frequency is the total number of wetlands in which a given
taxon was found.
Taxa
Notonectidae
Berosus spp.
Helophorus spp.
Pisidium spp.
Chaoboridae
Oligochaeta
Procloeon spp.
Hydracarina

Flying
Adult Stage
Yes
Yes
Yes
No
Yes
No
Yes
No

Wetland Type
Created
Created
Created
Reference/Impacted
Reference/Impacted
Reference/Impacted
Reference/Impacted
Reference/Impacted

Indicator
Value
0.426
0.300
0.300
0.921
0.459
0.458
0.353
0.353

Prob.
0.032
0.047
0.035
0.001
0.068
0.071
0.065
0.064

Frequency
8
3
3
17
11
12
6
6
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Figure 1. Locations of wetlands where invertebrates were sampled near Moran, Wyoming (inset)
from 2013 to 2015 and photos of each wetland type (left to right: reference, impacted, created).
Orange triangles represent created wetlands (n=10), blue squares represent impacted wetlands
(n=7), and green circles represent reference wetlands (n=13). The white line is US Highway 26287.
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Figure 2. Estimated log taxonomic richness and standard error of invertebrates in reference,
impacted, and created wetlands across elevation. Points represent richness in individual
wetlands.
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Figure 3. Relationship between log taxonomic richness of invertebrates in created wetlands and
wetland age. Colors represent individual wetlands over multiple years. A quadratic effect of
wetland age was evaluated but was not significant.
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Figure 4: Non-metric multidimensional (NMDS) ordination of invertebrate community
composition in created (orange), reference (green), and impacted (blue) wetlands (2015 only,
stress = 0.21). Each point represents the community composition of invertebrates in a single
wetland, where points that are closer together in ordination space have more similar community
composition than points that are farther away from each other. Ellipses represent 95% confidence
intervals around the mean axis score for each group.
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APPENDIX 1: MACROINVERTEBRATE TAXA IDENTIFIED IN WETLAND
SAMPLES
Taxonomic rankings retrieved [December, 16, 2017] from the Integrated Taxonomic Information
System (ITIS) (http://www.itis.gov)
Kingdom Animalia, Phylum Arthropoda, Subphylum Crustacea
Order Amphipoda
Family Gammaridae
Gammarus
Family Hyalellidae
Hyalella
Kingdom Animalia, Phylum Mollusca
Class Bivalvia
Family Pisidiidae
Pisidium
Class Gastropoda
Family Lymnaeidae
Lymnaea
Family Physidae
Aplexa
Physa
Family Planorbidae
Armiger
Gyraulus
Helisoma
Promenetus
Family Valvatidae
Valvata
Kingdom Animalia, Phylum Arthropoda, Class Insecta
Order Coleoptera
Family Dytiscidae
Acilius
Agabus
Colymbetes
Dytiscus
Graphoderus
Hydaticus
Hydrotus
Ilybius
Laccophilus
Laccornis
Liodessus
Oreodytes
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Rhantus
Family Emidae
Heterlimnius
Family Gyrinidae
Gyrinus
Family Haliplidae
Brychius
Haliplus
Family Helophoridae
Helophorus
Family Hydrophilidae
Berosus
Enochrus
Hydrophilus
Laccobius
Tropisternus
Order Diptera
Family Ceratopogonidae
Family Chaoboridae
Family Chironomidae
Family Culicidae
Family Dixidae
Family Dolichopodidae
Family Ephydridae
Family Psychodidae
Family Stratiomyidae
Family Tabanidae
Family Tipulidae
Order Ephemeroptera
Family Baetidae
Baetis
Callibaetis
Procloeon
Family Caenidae
Caenis
Family Ameletidae
Ameletus
Family Siphlonuridae
Siphlonurus
Order Hemiptera
Family Belostomatidae
Family Corixidae
Family Gerridae
Family Notonectidae
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Order Odonata
Sub order Anisoptera
Family Aeshnidae
Family Libellulidae
Sub order Zygoptera
Family Coenagrionidae
Family Lestidae
Order Trichoptera
Family Hydroptilidae
Agraylea
Family Leptoceridae
Mystacides
Ylodes
Family Limnephilidae
Ecclisomyia
Hesperophylax
Limnephilus
Onocosmoecus
Psychoglypha
Kingdom Animalia, Phylum Arthropoda, Class Collembola
Kingdom Animalia, Phylum Annelida, Class Clitellata
Order Hirudinida
Family Erpobdellidae
Family Glossiphoniidae
Family Hirudinidae
Subclass Oligochaeta
Kingdom Animalia, Phylum Arthropoda, Class Arachnida
Hydracarina
Kingdom Animalia, Phylum Cnidaria, Class Hydrozoa, Order Anthoathecatae
Family Hydridae
Hydra
Kingdom Animalia, Phylum Platyhelminthes, Class Rhabditophora
Order Tricladida
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CHAPTER 2: AMPHIBIAN DENSITY IN CREATED WETLANDS – SPECIES
SPECIFIC RESPONSES TO WETLAND MITIGATION
ABSTRACT
Wetland construction is a common practice to replace natural wetlands lost due to anthropogenic
activities. In light of recent and widespread amphibian declines, evaluating the ability of created
wetlands to function as adequate replacement habitat has become a priority. A recent highway
reconstruction project in northwestern Wyoming resulted in impacts to and the destruction of
multiple natural wetlands. To mitigate this loss, the Wyoming Department of Transportation
constructed new wetlands along the highway corridor. In 2015 and 2016, I measured habitat
characteristics and conducted repeated counts of larvae of the barred tiger salamander
(Ambystoma mavortium), boreal toad (Anaxyrus boreas), Columbia spotted frog (Rana
luteiventris), and boreal chorus frog (Pseudacris maculata) in created (n=10), impacted (n=7),
and reference (n=10) wetlands. For each species, I analyzed larval counts using dynamic Nmixture models to estimate density, survival, and detection probability. As a complementary,
independent estimate of abundance, I also conducted counts of Columbia spotted frog egg
masses. Created wetlands were shallower, had smaller surface area, and had less aquatic
vegetation than reference and impacted wetlands. Impacted wetlands did not differ from
reference wetlands in measured habitat variables. Estimated densities of barred tiger salamander,
boreal toad, and boreal chorus frog larvae were higher in created wetlands than in reference and
impacted wetlands. In contrast, Columbia spotted frog larvae and egg masses were only observed
in one created wetland but were common and occurred at high densities in reference and
impacted wetlands. Created wetlands in my study area were almost all designed to have a
temporary – intermediate hydroperiod and many dried partially or completely by the end of July
in both study years, often resulting in partial or complete mortality of amphibian larvae,
providing evidence that some created wetlands may be functioning as population sinks or
ecological traps for amphibians. Conservation and management of native amphibians should take
into account the life history requirements of all target species when creating and restoring
wetlands.
Key Words: Amphibians, Constructed Wetlands, Greater Yellowstone Ecosystem, Dynamic Nmixture models
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INTRODUCTION
Widespread wetland loss due to agriculture, development, and climate change has
contributed to population declines across taxa (Gibbs 2011, Gallant et al. 2017). In recent
decades, growing awareness of the importance of wetlands for wildlife has contributed to the
passage of legislation protecting wetlands, including Section 404 of the Clean Water Act. Under
Section 404, discharge of dredged or fill materials into waters of the United States, including
most wetlands, is prohibited without a permit from the US Army Corps of Engineers. Today, the
Corps’ permitting process is largely guided by the 1989 executive policy of “no net loss” of
wetlands and any loss of wetlands area must be mitigated by an equal or greater number of acres
of gains, achieved either through wetland restoration or construction (Hough and Robertson
2008). In North America alone, over 3,000,000 ha of wetlands and freshwater ponds were
created or restored over a 20 year period (Copeland 2010). What remains uncertain is the
capacity of these created wetlands to replace natural wetland functions, including supporting a
full host of native organisms (Moreno-Mateos et al. 2012).
Amphibians are one group of organisms that often depend on wetlands for survival and
reproduction. The use of created and restored habitats by amphibians is important to managers
and conservationists, as many amphibian species worldwide have experienced dramatic declines,
with habitat alteration and destruction playing an important role (Stuart et al. 2004, Pounds et al.
2009). The biphasic life history and semi-permeable skin of amphibians make them sensitive to
changes in both terrestrial and aquatic environments (Dunson et al. 1992). Created wetlands can
be beneficial for amphibians, but results are often species specific and dependent upon specific
habitat design features, such as hydroperiod (the length of time a wetland holds water each year),
aquatic vegetation, landscape placement, and the presence of fish and other predators (Brown et
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al. 2012). For example, Shulse and Semlitsch (2012) found that high amounts of vegetation
cover, lack of fish, and presence of shallow-sloped littoral zones increased amphibian diversity
in created wetlands in Missouri, but even in wetlands with desired features, some species were
rarely encountered. Better understanding of wetland design features likely to increase the
capacity of created and restored wetlands to support the full complement of native amphibians
will result in better mitigation practices and wildlife policies.
Amphibians use a variety of wetland types ranging from temporary to permanent and
wetland restoration faces the challenge of replacing realistic hydrologic variation. An ongoing
problem in wetland mitigation has been the replacement of temporary wetlands with less
complex, permanent, open-water ponds that do not function like the wetlands that were
destroyed (Dahl 2011). Permanent ponds are vulnerable to invasion by fish and non-native
predators such as bullfrogs, which can reduce survival of native amphibians and strongly alter
community structure (Shulse et al. 2013, Rowe and Garcia 2014). Consequently, it is becoming
common for mitigation plans to require construction of more complex temporary wetlands,
which poses new challenges for wetland design (Lichko and Calhoun 2003, Calhoun et al. 2014).
For instance, predicting the depth required to produce a specific hydoperiod is challenging due to
variable soil characteristics and inter-annual variation in precipitation and groundwater table
height. If dug too deep, wetlands will be permanent, risking predatory fish invasion. If too
shallow, wetlands will dry before amphibian larvae are able to metamorphose. In the second
scenario, mitigation wetlands have the potential to act as population sinks or ecological traps,
luring amphibians to immigrate and breed, but resulting in catastrophic reproductive failure
when wetlands dry. If reproductive failure occurs frequently, it has the potential to reduce growth
rates of amphibian populations (Dimauro and Hunter 2002, Schlaepfer et al. 2002).
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The effects of global climate change also complicate the design of temporary mitigation
wetlands. Because small, isolated wetlands often rely on snowmelt, and summer precipitation to
fill, they are particularly vulnerable to early drying during drought conditions (Brooks 2009,
Matthews 2010). In the Greater Yellowstone Ecosystem (GYE), hotter, drier summers, increased
evapotranspiration, earlier runoff, and decreased snowpack have been associated with earlier
drying of natural wetlands (Sepulveda et al. 2015, Ray et al. 2016). These changes are likely
contributing to population declines of all four species of amphibians that occur in the region
(Hossack et al. 2015, Ray et al. 2016). In light of climate-related changes to and loss of natural
wetlands, it is critically important to evaluate the capacity of created mitigation wetlands to
function as refuges for amphibians and identify structural characteristics that promote
reproductive success.
Four amphibian species occur in GYE: barred tiger salamanders (Ambystoma
mavortium), boreal toads (Anaxyrus boreas), Columbia spotted frogs (Rana luteiventris), and
boreal chorus frogs (Pseudacris maculata). A fifth species, the northern leopard frog (Lithobates
pipens), historically occurred in the area but appears to have been extirpated (Ray et al. 2014)
and was not a part of this study. All four species require standing water for breeding, oviposition,
and larval development, but spend the majority of their adult lives in the terrestrial environment
surrounding breeding ponds.
Recent mitigation efforts in Wyoming provide an opportunity to evaluate differences
between created, impacted, and reference wetlands. The Wyoming Department of Transportation
created 38 wetlands between 2005 and 2014 to mitigate wetland impacts associated with the
reconstruction of Highway 287 over Togwotee Pass in Wyoming between Moran and Dubois,
WY. Created wetlands were excavated with heavy equipment down to the water table and
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planted with a wetland seed mix and willow cuttings. While the wetlands were designed with a
range of depths, most were designed to be shallow with temporary – intermediate hydroperiods.
Impacted wetlands were those that sustained impacts from the road construction activities (i.e.
modified banks, some filling, and erosion control) but were not completely destroyed. Reference
wetlands were those that did not sustain impacts from road construction and were used as a
baseline for comparison with created and impacted sites. While reference and impacted wetlands
also ranged in depth, they were generally deeper than created wetlands and held water
throughout the year.
My objective was to evaluate the capacity of created mitigation wetlands to support
amphibian biodiversity. I accomplished this by comparing amphibian larval density in created
and impacted wetlands relative to reference wetlands. While the four species studied often share
breeding, foraging, and overwintering areas, they differ in several key life history traits that may
influence their use of created wetlands. Unlike the three anuran species in the GYE that complete
metamorphosis in a single season, tiger salamanders can complete metamorphosis in one season,
overwinter as larvae, or retain larval characteristics as paedomorphic adults (Werner et al. 2004).
Because the majority of created wetlands in my study area were designed to be temporary, I
predicted that tiger salamanders would occur in lower densities in created wetlands because
adults would select breeding sites that retain water throughout the year to provide ample time for
larvae to metamorphose (Hossack et al. 2015). Similarly, Columbia spotted frogs are highly
aquatic and generally breed in deep, permanent water bodies with abundant vegetation, so I
expected that species to occur more frequently and in higher density in reference and impacted
wetlands, rather than created wetlands (Hossack et al. 2013, Ray et al. 2016). In contrast to Tiger
Salamanders and Columbia spotted frogs, boreal toads and boreal chorus frogs often breed in
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ephemeral wetlands with warm, shallow water (Ray et al. 2016). Boreal toads have been
documented colonizing and breeding in new habitats immediately following disturbance such as
wildfire and pond construction (Pearl and Bowerman 2006, Guscio et al. 2007, Hossack et al.
2013). Therefore, I expected those species to occur in a high proportion of created wetlands, but
to be susceptible to catastrophic reproductive failure if wetlands dried prior to larvae
metamorphosis.
METHODS
Study area
In 2015 and 2016, I sampled all four species of amphibian larvae, counted Columbia
spotted frog egg masses, and measured habitat characteristics in 10 created wetlands, 10
reference wetlands, and 7 impacted wetlands in the Bridger-Teton National Forest in Wyoming
along highway 287/26 between the town of Moran and Togwotee pass, just east of Grand Teton
National Park, USA (43.828872, -110.355998; Fig. 1). Created wetlands were built by the
Wyoming Department of Transportation in formerly upland areas near the highway to mitigate
wetland loss from a road reconstruction project, and ranged in age from 2 to 10 years old (Table
1). To select focal wetlands, I first identified all created wetlands that held water in June 2015,
then I selected the impacted and reference wetlands nearest to each of these created wetlands.
Wetlands ranged in elevation from 2,100 to 3,050 m above sea level. Surrounding vegetation
was dominated by conifer forest at higher elevations (lodgepole pine [Pinus contorta], whitebark
pine [Pinus albicaulis], Engelmann spruce [Picea engelmannii], and Douglas fir [Pseudotsuga
menziesii]) and mixed sagebrush (Artemisia spp.) and grassland vegetation at lower elevations.
This area is characterized by long, cold winters with heavy snowfall and short, cool summers.
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Wetlands generally fill from snowmelt between early May (lower elevations) and early June
(higher elevations). April 1st snow water equivalent measurements from the top of Togwotee
Pass were close to normal in both years of this study (99.54 and 99.07 percent of median in 2015
and 2016, respectively) (NRCS).
Sampling
Larval trapping
I sampled amphibian larvae using a combination of collapsible mesh and plastic minnow
traps placed at 20 meter intervals around the perimeter of each wetland (range = 1 – 48
traps/wetland) (Nyman 2015). I left traps open for two consecutive 24-hour periods every 2
weeks during larval development (mid-June – late-July) and counted the number of each species
of larval amphibian in each trap during each period. Larvae were identified to species and
released. This sampling design resulted in data in the form of the robust design (Pollock 1982,
Dail and Madsen 2011), with secondary occasions (consecutive days) closed to births, deaths,
immigration and emigration, nested within primary periods (two-weeks) when the closure
assumption was relaxed. Dates of primary periods differed among sites due to differences in
timing of breeding and larval development across elevations. However, at all sites I began
sampling as soon as free-swimming larvae were large enough to be trapped, and stopped when
metamorphosis occurred or wetlands dried. To increase detection probability of species that may
be less likely to enter traps, I also conducted a dip-net sweep 1 m out from each trap before
checking that trap (Dodd 2010). Due to time limitations in 2015, I stopped trapping at a site if no
amphibians of any species were encountered during the first two secondary sampling occasions.
Even so, these wetlands were all revisited several times throughout the season and visually
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surveyed to ensure that they were truly unoccupied. In 2016, I increased sampling effort so that
there was a minimum of four sampling occasions at each wetland (two primary periods) two
(with the exception of one site that dried after the first primary period). Two wetlands (one
reference, one impacted) had very steep banks along a portion of their perimeter, making it
impossible to trap the entire shoreline and leading to slightly larger inter-trap intervals at those
wetlands. Counts from traps and sweeps were pooled for a single count from each wetland on
each trapping day.
Egg mass Surveys
Columbia spotted frogs are the only amphibian species in this region that lay conspicuous
egg masses that can be used as a reliable index of the number of breeding females in a population
(Licht 1975). To provide a complementary measure of abundance, I counted Columbia spotted
frog egg masses in both years by walking the entire shoreline and other shallow areas of each
wetland. The egg masses float near the water’s surface and are typically laid communally near
the shore, making them easy to detect. To reduce counting errors, each egg mass was marked
with a colored toothpick and a pin flag labeled with the date and count of egg masses for that
date. I began surveying each wetland as soon as ice melted (late April/early May) and visited
each wetland at least once per week until the count of masses did not change for two consecutive
visits and there was no change in counts in neighboring wetlands (Hossack et al 2013b).
Habitat characteristics
I developed an a priori suite of environmental and design characteristics that could
influence density of amphibians across all wetland types (Table 2). I measured total wetland area
and wetted wetland area using the area estimation tool in a Garmin e-trex Global Position
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System (GPS). I defined total wetland area as the high-water line or boundary of wetland
creation disturbance (i.e., willow plantings in created wetlands). Wetted wetland area was the
portion of the wetland that held water in early June. Elevation was also recorded from a GPS
unit. I measured maximum depth of each wetland at the beginning of the summer. I sampled
vegetation in late July, using a 1-m2 quadrat every 80 meters along the wetland shore, both at 1
m and 5 m out from the shore. In each quadrat, I estimated percent cover of aquatic (emergent
and submersed) vegetation. I also recorded presence of fish when they were detected.
Statistical Methods
I analyzed larval amphibian counts using dynamic N-mixture models implemented in the R
package unmarked (Fiske and Chandler 2011). N-mixture models are hierarchical and use
information from temporally and spatially repeated counts of unmarked animals to estimate
detection and predict abundance (Royle 2004). The original single-season N-mixture model
assumed that count yit from site i on sampling occasion t was a binomial random variable
dependent on detection probability p and total population size N at location i.

𝑦𝑖𝑡 ~ 𝐵𝑖𝑛𝑜𝑚𝑖𝑎𝑙 (𝑁𝑖, 𝑝).

Population size Ni at location i was assumed to follow a Poisson distribution with mean λ,
𝑁𝑖 ~ 𝑃𝑜𝑖𝑠𝑠𝑜𝑛( 𝜆 ),
where Ni was assumed to remain constant over the sampling period (Royle 2004). The dynamic
N-mixture model relaxes the closure assumption and allows abundance at site i to vary over time
as a function of abundance at time t-1, Sit (the number of individuals that survive from time t-1 to
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t and remain at site i) plus Git (the number of individuals that were gained through recruitment or
immigration at location i between time t-1 to time t). Sit is a function of abundance at the
previous time step and apparent survival ω (Dail and Madsen 2011) and Git is a function of the
arrival rate γ and the abundance at time t-1,
𝑆𝑖𝑡 ~𝐵𝑖𝑛𝑜𝑚𝑖𝑎𝑙(𝑁𝑖,𝑡−1 , 𝜔)
𝐺𝑖𝑡 ~𝑃𝑜𝑖𝑠𝑠𝑜𝑛(𝛾𝑁𝑖,𝑡−1 )
Where initial abundance at site i is estimated in the same way as in the closed model.
Because all amphibian species in my study area breed around the same time (Werner et
al. 2004) and larvae are restricted to a particular wetland until metamorphosis, I fixed the
recruitment parameter γ to zero in all my models. I modeled initial abundance using a zeroinflated Poisson (ZIP) distribution to account for the large number of true zeros arising from
unoccupied sites (Wenger et al. 2008, Joseph et al. 2009). To account for different trap density
among wetlands, I included an offset parameter of log(number of traps) on abundance, which
changes the response variable from abundance to density (Kéry and Royle 2016). Because of
data limitations, models that included covariates on apparent survival (ω) generally did not
converge, so I assumed that ω remained constant for each species and year. Since trapping
ceased when metamorphosis occurred, apparent survival should be analogous to true survival of
the larval stage over a 2-week period.
I used a two-part process to identify the best model for each species. First, I set all
parameters except detection probability to be constant and considered two models for detection:
a) variable by primary period or b) constant over time. I expected that detection probability
would vary over the course of the summer due to changes in activity as larvae develop. I ranked
each model based on Akaike’s Information Criterion (AIC) (Burnham and Anderson 2002).
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Second, using the top detection model for each species and year, I examined differences in initial
density between wetland types. After accounting for wetland type, I was also interested in
whether additional environmental covariates helped to explain differences in initial density
among wetlands. I started with a global model that included wetland type (constructed, impacted,
reference), year, percent cover of aquatic vegetation, maximum depth, wetted wetland area, and
elevation. I scaled all continuous explanatory variables by subtracting the mean and dividing by
the standard deviation to improve model convergence. I checked for correlations between
explanatory variables and did not include collinear variables in the same model (Pearson’s r >
0.7) (Dormann et al. 2013). I performed backwards selection to identify the best model for each
species and year, removing variables with the least partial significance until only significant
variables remained (p < 0.1). I assumed that detection probability was constant for all individuals
of a given species at time period t and that no individuals were double counted within a
secondary session. I also assumed that the effects of wetland type and other covariates were
consistent between years.
As with the larval count data, Columbia spotted frog egg mass counts contained many
zeros, so I was unable to fit a mixed effect model to account for two years of sampling at each
site. Instead, I analyzed differences in egg mass counts among created, impacted, and reference
wetlands using a negative binomial generalized linear model (GLM) with the mean count for
each site (rounded to the nearest integer) as the response variable.
RESULTS
I detected all four native amphibian species during my surveys. In 2015, there were a
total of 109 tiger salamander larvae, 1290 boreal toad tadpoles, 372 boreal chorus frog tadpoles,
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and 239 Columbia spotted frog tadpoles trapped over 108 trapping occasions at 25 wetlands. In
2016 there were a total of 68 tiger salamander larvae, 391 boreal toad tadpoles, 425 boreal
chorus frog tadpoles, and 252 Columbia spotted frog tadpoles trapped over 134 trapping
occasions at 27 wetlands. Naïve species richness (unadjusted for detection probability) over the
whole study was highest in reference wetlands (mean = 2.00 species, range = 0 – 4 species),
followed by impacted wetlands (mean = 1.57, range = 0 – 3 species) and created wetlands (mean
= 1.30 species, range = 0 – 4 species).
Habitat characteristics
Created wetlands had smaller surface areas than reference and impacted wetlands and had
lower mean percent cover of aquatic vegetation (Table 2). Created wetlands were also shallower
than reference or impacted wetlands and in both years a majority (year one = 90%, year two =
80%) of created wetlands dried partially (i.e. at least one isolated pool dried completely) or
completely by the end of July (Tables 1 and 2). No reference or impacted wetlands dried over the
same time period. There were no major differences in habitat characteristics between reference
and impacted wetlands. I detected fish in two impacted and one reference wetland, all of which
were permanent and had a stream or river connection.
Tiger Salamanders
I detected tiger salamander larvae in 13 of 27 wetlands (3 created, 3 impacted, 7
reference). The top detection model included differences in detection based on primary period.
Detection probability ranged from 0.10 to 0.33 with the highest detection probability in the third
primary period (Table 3). The top model for density included significant effects of wetland type,
elevation, and year, with created wetlands having the highest density of larvae, followed by
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reference wetlands and impacted wetlands (Table 4, Figure 2). Elevation was positively
correlated with salamander density and estimated density was lower in year two than year one
(Table 4). Estimated 2-week apparent survival was 0.59 (SE = 0.25).
Boreal Toads
I detected boreal toads in 6 of 27 wetlands (4 created, 0 impacted, 2 reference). Because
of the low and uneven occupancy rates by this species across wetland types (i.e., no detections in
impacted wetlands), basic models that included wetland type did not converge. There were also
several outlier counts (year one: 910 and 135, year two: 185, mean count = 6.96) which I
replaced with the 95th quantile of non-zero data to improve model convergence (Zuur et al.
2010). All three of these extremely high counts were from one created wetland (Quarry [QU])
and likely reflect the often clumpy distribution of toad tadpoles along wetland margins. The top
detection model included an effect of primary period, with detection ranging from 0.19 to 0.46
(Table 3). Without considering wetland type, the top model for density included negative effects
of depth and wetland area and a positive effect of aquatic vegetation (Table 4, Figure 3).
Estimated density was higher in year two than year one. Apparent survival was not estimable
(confidence intervals ranged from 0-1). To describe relative density by wetland type, I
summarized the point estimates for density at each site and calculated the mean and standard
error for each wetland type (Figure 2). While these point estimates varied considerably, created
wetlands had by far the highest estimated mean density (22.50, SE = 4.38), followed by impacted
wetlands (1.12, SE = 0.34) and reference wetlands (4.68, SE = 1.28).
Boreal Chorus Frogs

44

I detected boreal chorus frogs in 17 out of 27 wetlands (6 created, 5 impacted, and 6
reference wetlands). The top detection model included an effect of primary period, with
detection probability ranging from 0.32 to 0.62 (Table 3) and increasing over the summer.
Detection in the 4th primary period was not estimated. The top model for density included
significant effects of wetland type, depth, elevation, and year (Table 4, Figure 2, and Figure 3).
Created wetlands had significantly higher larval densities than impacted and reference wetlands.
Larval density increased with elevation and declined with maximum depth. Estimated density
was lower in year two than year one. Estimated 2-week apparent survival was 0.51 (SE = 0.03).
Columbia Spotted Frogs
I detected Columbia spotted frog larvae in 9 of 27 wetlands (1 created, 3 impacted, and 5
reference wetlands). Detection probability varied by primary period and ranged from 0.19 to 0.80
and increased throughout the summer (Table 3). The top model for density included wetland
type, along with negative effects of depth and wetland area and a positive effect of elevation
(Table 4, Figure 5). Estimated initial density was highest in impacted and reference wetlands and
was much lower in created wetlands (Figure 2). Estimated 2-week apparent survival was 0.58
(SE = 0.04).
Egg Mass Surveys
I found Columbia spotted frog egg masses in 9 of 27 wetlands (1 out of 10 created, 3 out
of 7 impacted, and 5 out of 10 natural) (Table 5). Egg mass counts ranged from 0 to 49 per site.
There were significantly more egg masses in reference wetlands (estimated mean = 7.45, SE =
5.56) than created wetlands (estimated mean = 0.20, SE = 0.21) but no difference in egg mass
counts between reference and impacted wetlands (estimated mean = 7.43, SE = 6.95).
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DISCUSSION
My results illustrate species specific responses to wetland creation in the southern GYE
and highlight the challenges associated with constructing temporary – intermediate hydroperiod
wetlands that support the full complement of extant amphibians. Created wetlands were
shallower, smaller, and had less aquatic vegetation than reference wetlands, while impacted
wetlands did not differ from reference wetlands in measured environmental variables. I used
larval density of four species and counts of Columbia spotted frog egg masses as measures of
potential amphibian reproductive success. Estimated densities of barred tiger salamander, boreal
toad, and boreal chorus frog larvae were higher in created wetlands than in reference and
impacted wetlands. In contrast, Columbia spotted frog larvae and egg masses were only observed
in one created wetland but were common and occurred at high densities in reference and
impacted wetlands. However, most created wetlands dried partially or completely by the end of
July in both study years, often resulting in partial or complete mortality of amphibian larvae,
setting up the possibility that some created wetlands may be functioning as population sinks or
ecological traps for amphibians.
Species-specific responses to wetland creation
Consistent with other studies of amphibian use of created wetlands, I found speciesspecific responses to wetland creation (Brown et al. 2012). Tiger salamander, boreal toad, and
boreal chorus frog larvae occurred at higher densities in created wetlands than in reference and
impacted wetlands, suggesting that adults of these species may be preferentially selecting created
wetlands for breeding over nearby reference and impacted wetlands. Tiger salamander larvae
were detected in fewer created (naïve occupancy = 0.30) and impacted (naïve occupancy = 0.43)
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wetlands than reference wetlands (naïve occupancy = 0.70), but estimated density of larvae was
significantly higher in created wetlands than reference and impacted wetlands. This result
suggests that the majority of created wetlands in my study area were not suitable for tiger
salamanders, but those few created wetlands that were suitable promoted high densities. The
three created wetlands where tiger salamanders were detected were relatively deep, perhaps
because in cold climates like the GYE, tiger salamanders often require permanent water to
overwinter as larvae before they metamorphose (Ray et al. 2016).
I detected boreal toads in relatively few wetlands, a pattern which is consistent with longterm monitoring in Yellowstone and Grand Teton National Parks (Hossack et al. 2015). Boreal
toads have experienced population declines over large portions of their range, including within
protected areas such as the Greater Yellowstone Ecosystem (GYE), and now occupy <2% of
available breeding sites (Ray et al. 2016). Boreal toad larvae were detected in more created
wetlands (naïve occupancy = 0.40) than reference wetlands (naïve occupancy = 0.12). Boreal
toads were not detected in any impacted wetlands. Although I was unable to model boreal toad
density by wetland type, density declined with increasing wetland depth and site-specific
estimates indicated that boreal toads achieved high densities in created wetlands. Toads often
respond positively to disturbances including wildfire and wetland construction and often select
for warm, shallow water to breed in, a pattern that my data supports (Pearl and Bowerman 2006,
Hossack et al. 2013).
Boreal chorus frogs were common across all wetland types. Naïve occupancy was 0.60 in
created wetlands, 0.60 in reference wetlands, and 0.71 in impacted wetlands. Even so, as with
tiger salamanders and boreal toads, estimated density of chorus frog larvae was significantly
higher in created wetlands than reference and impacted wetlands and estimated density was
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negatively correlated with maximum depth, supporting previous work showing that chorus frogs
often breed in warm, shallow, ephemeral wetlands (Klaver et al. 2013, Ray et al. 2016).
In contrast to the other three amphibian species, Columbia spotted frog larvae and egg
masses were only detected in one created wetland over the course of this study while they
occurred commonly and at high densities in reference and impacted wetlands. Spotted frogs are
one of the most highly aquatic amphibian species in the Greater Yellowstone Ecosystem and are
most likely to breed in large, permanent wetlands with emergent vegetation (Hossack et al.
2015). Because Columbia spotted frogs lay conspicuous egg masses, I was able to use egg mass
counts as a secondary measure of reproductive success for this species. Egg mass counts closely
mirrored tadpole counts (i.e., I never found egg masses where we did not also find tadpoles),
both of which showed higher occurrence and density in reference and impacted wetlands than
created wetlands.
The single created wetland where I detected spotted frog reproduction (Quarry) is the
second oldest created wetland in the study, and had time to develop the aquatic vegetation that
provides crucial habitat for spotted frog breeding (Pearl et al. 2007). Even so, spotted frog egg
masses and tadpoles were only detected in 2015 and at very low numbers. Quarry is also deeper
than most of the other created wetlands, has abundant emergent and submersed aquatic
vegetation and holds water throughout the summer months. All four species of amphibians were
detected in Quarry, indicating that these design features (intermediate hydroperiod, shallow
littoral zones, and abundant aquatic vegetation) may be an appropriate objective for wetland
mitigation in this region. Supporting this, in Chapter 1, I found that Quarry also had the highest
taxonomic richness of invertebrates of all the wetlands in this study.
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Are created wetlands ecological traps?
Under the assumption that density of amphibian larvae reflects breeding habitat
preferences of adult amphibians, my results provide evidence that some amphibian species may
preferentially select created wetlands to breed in over nearby reference and impacted wetlands.
In my study area, this pattern was most pronounced for boreal toads and boreal chorus frogs.
After accounting for wetland type, density of both species was inversely correlated with depth,
suggesting a preference for breeding in shallow, ephemeral wetlands wetlands (Hossack et al.
2015). Unfortunately, in both years of this study, over 80% of created wetlands dried partially or
completely prior to metamorphosis, suggesting that created wetlands have the potential to be
ecological traps (low quality habitats that are preferred over higher quality habitats) (Battin
2004). Even when created wetlands did not dry completely because of varied topography on the
bottom of the wetland, they often formed multiple pools – effectively stranding and killing
tadpoles even when only a portion of the wetland dried.
Temporary and intermediate hydroperiod wetlands are important for amphibians and
many other wetland species because they are less likely to be invaded by predatory fish or nonnative amphibian predators such as bullfrogs (Vasconcelos and Calhoun 2006, Shulse et al. 2013,
Drayer and Richter 2016). However, due to inter-annual variation in precipitation and
temperature, predicting what depth will produce a given hydroperiod is challenging. Created
wetlands are more successful if they maintain a minimum hydroperiod corresponding to the life
history requirements of target organisms. For example, all four species of extant, native
amphibians in the GYE breed in the spring and require standing water until at least mid-July for
larvae to metamorphose. We need to improve our ability to construct pools with intermittent
hydroperiods (Kolozsvary and Holgerson 2016).
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N-mixture models
This study demonstrates that N-mixture models are a promising tool for estimating
abundance or density of larvae in isolated water bodies. To date, there have been few studies that
have applied N-mixture models to estimate demographic parameters of amphibians and most of
these have focused on counts of adults or metamorphs (Dodd and Dorazio 2004, Mazerolle et al.
2014, Strain et al. 2017). Instead, many authors use catch per unit effort or similar methods as a
surrogate for abundance, or distill counts to presence-absence data, losing valuable information.
Furthermore, relative to traditional mark-recapture methods, the count data required for Nmixture models are inexpensive and easy to collect.
The dynamic N-mixture models I used in this study are appealing due to their ability to
incorporate covariates and detection probability into estimates of abundance, apparent survival,
and recruitment. In my study, estimated survival over a 2-week period ranged from 0.51 for
boreal chorus frogs to 0.59 for tiger salamanders. Because of the challenges associated with
conducting mark-recapture surveys on amphibian larvae, these are among the first field-based
larval survival estimates for these species in the literature (Biek et al. 2002). Unfortunately,
because of the relatively small number of sites in this study, I was unable to incorporate
covariates on the survival parameter in my N-mixture models. Even if I had, this survival term
would not have accounted for mortality due to wetland desiccation, since we had to stop trapping
when wetlands dried. One limitation to using the unmarked package to generate maximum
likelihood parameter estimates from N-mixture models for areas with many true zeros
(unoccupied sites) is that there is currently no way to model the zero-inflation parameter as a
function of covariates. For most species and years, the zero-inflation parameter had wide CI’s
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that crossed zero, making it challenging to disentangle different effects of wetland type and
environmental covariates on occupancy and abundance.
Conclusions
With the exception of Columbia spotted frogs, created wetlands in my study area
supported breeding populations of most native amphibians including tiger salamanders, boreal
toads, and boreal chorus frogs. Even so, premature drying of shallow created wetlands often lead
to catastrophic reproductive failure, with potential detrimental population-level effects (Taylor et
al 2006). Incorporating a variety of depths that include warm, shallow littoral zones into wetland
design is good for amphibians, but managers should ensure that there are deeper areas where
larvae can retreat to as wetlands dry over the course of the summer (Porej and Hetherington
2005, Petranka et al. 2007, Shulse et al. 2010). Building wetlands resistant to early drying is
particularly important in light of expected climate change impacts to temporary and intermediate
wetlands in the Intermountain West.
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Table 1. Descriptions of wetlands surveyed for amphibians in 2015 and 2016. “Dried 2015” and
“Dried 2016” indicate whether or not a wetland dried partially (partial, i.e. at least one isolated
waterbody dried completely) or completely (yes) before the end of July (before tadpole
metamorphosis was complete if tadpoles were present). “4-leggers detected” indicates whether or
not metamorphs of any species were detected before wetland dried.
Site

Wetland Type

12DC
13AC

Created
Created

16BC

Created

Year
Created/
Impacted
2012

Years Surveyed

Dried
2015?

2015, 2016
2015, 2016

Partial
Partial

2015, 2016

Yes

2015, 2016
2015, 2016
2015, 2016
2015, 2016
2016

Partial
Partial
Partial
No
Partial

2015, 2016

Partial

2016

Partial

2012
2010
2012
2012
2012
2012

Species
detected
2015
PSMA
AMTI,
PSMA
ANBO,
PSMA
NA

4-leggers
detected
2015?
Y
Y

Dried
2016?

N

Partial

NA

Yes
Partial
Partial
Partial
No

AMTI,
ANBO,
PSMA,
RALU
NA

Y

Yes

NA

No

PSMA
AMTI,
PSMA,
RALU
PSMA,
RALU
AMTI,
PSMA
AMTI,
PSMA,
RALU
AMTI,
PSMA
PSMA

Y
Y

No
No

Y

No

Y

No

Y

No

Y

No
No
No

N

No

Partial
Yes

19AC
24CC
25AC
26BC
ML

Created
Created
Created
Created
Created

QU

Created

SP

Created

12CI
15AI

Impacted
Impacted

2005
2011
2008

2015, 2016
2015, 2016

No
No

17AI

Impacted

2008

2015, 2016

No

17BI

Impacted

2008

2015, 2016

No

19BI

Impacted

2008

2015, 2016

No

25BI
26AI
16CR

Impacted
Impacted
Reference

2009
2009
-

2015, 2016
2015, 2016
2015, 2016

No
No
No

17DR

Reference

-

2015, 2016

No

17ER

Reference

-

2015, 2016

No

PSMA,
RALU

Y

No

21AR
21BR

Reference
Reference

-

2015, 2016
2015, 2016

No
No

-

-

No
No

21CR
25CR
HE

Reference
Reference
Reference

-

2015, 2016
2015, 2016
2015, 2016

No
No
No

Y

No
No
No

RW

Reference

-

2015, 2016

No

Y

No

SD

Reference

-

2015, 2016

No

AMTI
AMTI,
ANBO,
RALU
AMTI,
PSMA,
RALU
AMTI,
ANBO,
PSMA,
RALU

Y

No

2014

2008

Species
detected
2016
PSMA
AMTI,
PSMA,
ANBO,
PSMA
ANBO,
PSMA
AMTI,
ANBO,
PSMA
AMTI,
ANBO,
PSMA
PSMA
PSMA,
RALU

4-leggers
Detected
2016?
Y
Y
Y
-

N

N

PSMA,
RALU
AMTI,
PSMA
-

Y

AMTI,
PSMA
PSMA,
RALU
AMTI,
PSMA,
RALU
AMTI,
PSMA

Y

AMTI,
ANBO,
RALU
AMTI,
PSMA

Y

AMTI,
PSMA,
RALU

Y

Y
-

Y
Y

N

Y
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Table 2. Physical habitat characteristics (mean [SD]) of wetlands surveyed for amphibians in
2015 and 2016 summarized by wetland type.
Created
Variable
Wetland
Area (m^2)
Elevation
(m)
Max depth
(cm)
Aquatic
vegetation
(% cover)

2015
(n=8)

2016
(n=10)

Impacted
2015
(n=7)

Reference

2016
(n=7)

2015
(n=10)

2016
(n=10)

2644.7 (3768.83)

5377.71 (3637.66)

3678 (3773.19)

2515.5 (342.21)

2678.14 (182.54)

2556.8 (329.63)

38.35
(25.62)

44.40
(34.16)

124.08
(45.59)

113.29
(32.91)

111.7
(35.81)

100.2
(31.27)

24.07
(29.48)

27.29
(32.97)

46.43
(33.39)

70.43
(50.31)

49.39
(33.06)

60.72
(39.62)

Table 3. Estimated probability of detection and associated standard error (SE), 95% CI (lower,
upper), z-score (z) and P-value (P>|z|) for each species and primary period.
Species
Tiger Salamander

Boreal Toad

Chorus Frog

Columbia spotted frog

Primary Period
1
2
3
4
1
2
3
4
1
2
3
4
1
2
3
4

P(detection)
0.10
0.28
0.33
0.21
0.37
0.46
0.19
0.32
0.32
0.46
0.62
0.00
0.20
0.42
0.71
0.81

SE
0.02
0.09
0.25
0.23
0.02
0.02
0.02
0.13
0.02
0.03
0.06
0.01
0.02
0.04
0.06
0.14

Lower
0.06
0.14
0.05
0.02
0.34
0.41
0.15
0.13
0.28
0.40
0.49
0.00
0.15
0.35
0.58
0.43

Upper
0.16
0.49
0.82
0.79
0.40
0.50
0.24
0.60
0.36
0.52
0.73
1.00
0.25
0.49
0.82
0.96

z
-8.13
2.29
1.21
0.64
-7.53
3.43
-5.41
-0.33
-8.84
4.19
4.44
-0.10
-9.30
6.37
7.00
3.16

P(>|z|)
0.00
0.02
0.22
0.52
0.00
0.00
0.00
0.74
0.00
0.00
0.00
0.92
0.00
0.00
0.00
0.00
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Table 4. Coefficient estimates and associated standard error (SE), z-score (z) and P-value (P>|z|)
from top model of larval density for each species.
Species
Tiger salamander

Boreal toad

Chorus frog

Columbia spotted
frog

Covariate
Created (intercept)
Impacted
Reference
Elevation
Year 2
(Intercept)
Aquatic Veg
Max Depth
Wetland Area
Year 2
Created (intercept)
Impacted
Reference
Max Depth
Elevation
Year 2
Created (intercept)
Impacted
Reference
Max Depth
Wetland Area
Elevation

Estimate SE
z
P(>|z|)
1.82
0.29
6.30
0.00
-2.09
0.41
-5.13
0.00
-1.48
0.22
-6.74
0.00
0.57
0.14
4.08
0.00
-0.66
0.23
-2.97
0.00
0.51
0.12
4.40
0.00
0.73
0.18
4.14
0.00
-2.29
0.11
-21.29
0.00
-0.66
0.13
-5.00
0.00
0.37
0.14
2.59
0.01
1.85
0.13
14.10
0.00
-0.87
0.22
-4.03
0.00
-0.57
0.14
-4.08
0.00
-0.57
0.10
-5.90
0.00
0.83
0.07
11.95
0.00
-0.44
0.10
-4.53
0.00
-3.42
1.12
-3.04
0.00
5.12
1.17
4.37
0.00
4.72
1.12
4.23
0.00
-0.58
0.18
-3.28
0.00
-0.30
0.11
-2.68
0.01
0.47
0.19
2.53
0.01
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Table 5. Total number of egg masses counted at each wetland in 2015 and 2016 and mean and
standard deviation of the number of egg masses in each wetland type.
Site
12DC
13AC
16BC
19AC
24CC
25AC
26BC
ML
QU
SP
12CI
15AI
17AI
17BI
19BI
25BI
26AI
16CR
17DR
17ER
21AR
21BR
21CR
25CR
HE
RW
SD

Wetland
Type
Created
Created
Created
Created
Created
Created
Created
Created
Created
Created
Impacted
Impacted
Impacted
Impacted
Impacted
Impacted
Impacted
Reference
Reference
Reference
Reference
Reference
Reference
Reference
Reference
Reference
Reference

2015
0
0
0
0
0
0
0
0
3
0
0
21
24
0
7
0
0
0
1
14
0
0
0
0
39
19
37

2016
0
0
0
0
0
0
0
0
0
0
0
24
23
0
5
0
0
0
1
9
0
0
0
0
30
4
9
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Figure 1. Locations of wetlands where amphibians were sampled near Moran, Wyoming (inset)
from 2015 to 2016 and photos of each wetland type (left to right: reference, impacted, created).
Orange triangles represent created wetlands (n=10), blue squares represent impacted wetlands
(n=7), and green circles represent reference wetlands (n=10). The white line is US Highway 26287.

61

Figure 2. Estimated mean density (no. larvae/ trap area, +/- standard error) of larval amphibians
by wetland type for each species. Note that for boreal toads, models that included wetland type
did not converge, so the plot shows the mean calculated from the site-specific estimates of
density.
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Figure 3. Estimated density (no. larvae/trap area) (+/- SE) of boreal toad larvae along a gradient
of depth (left) and aquatic vegetation (right).

Figure 4. Estimated density (no. larvae/trap area) (+/- SE) of boreal chorus frog larvae along a
gradient of depth.
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Figure 5. Estimated density (no. larvae/trap area) (+/- SE) of Columbia spotted frog larvae along
a gradient of depth.
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